Sorption performance and migration modeling of radiocesium in the geosphere of a subsurface system
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 Abstract

Radioactive risk assessment is based on the quantification of the processes governing the fate and transport of radionuclides among ecosystems. For human health protection demands, it is essential to study the migration of radionuclides, such as cesium, within the area selected for the construction of any nuclear facility. The research objective of this study is to investigate the sorption-desorption dynamics and migration behavior of radiocesium (¹³⁴Cs) in sandy soils from a potential nuclear facility site, aiming to assess environmental risks and inform safety measures for radionuclide management.
Methodology: Soil samples, denoted as NPP/QSD and NPP/QMC, were collected and characterized using BET surface area, FT-IR, XRD, and XRF techniques. Using batch experiments, the soils were assessed for their retention of ¹³⁴Cs radionuclides from aqueous solutions under varying conditions. Desorption studies were conducted using seawater (SW), NaOH, FeCl₃, EDTA, HNO₃, and HCl as eluents. Additionally, a convection-dispersion transport model was developed in C++ to simulate ¹³⁴Cs migration through homogeneous porous soil under uniform multidimensional flow. To compare their scenarios, the quantitative concentration of 134Cs radionuclides over long time scales was estimated, using the transport model,  in the presence of both pure water and seawater media. The effects of retarding agents, including EDTA and oxalic acid, on cesium retention and transport were also investigated.
Results: The soil samples were predominantly sandy, with SiO₂ as the major component. Cesium was rapidly retained via cation exchange dominated on siloxane (Si–O) and calcite (CO₃²⁻) sites, and specific adsorption occurred on hydroxyl/Mg–OH groups. Seawater salinity significantly reduced Cs⁺ sorption by 45–55% in sandy soils due to competitive displacement by Ca²⁺/Na⁺ and ionic strength effects. This underscores the need for salinity-resistant containment strategies in coastal nuclear sites. Desorption experiments revealed that seawater was the most effective eluant for removing ¹³⁴Cs from contaminated soils, with a release yield amounted to 97.29% and 94.34%. Modeling results demonstrated faster ¹³⁴Cs migration in seawater than freshwater, highlighting its role in accelerating radionuclide transport through groundwater. Complexing agents further altered retention, with EDTA enhancing Cs mobility.
Conclusions: The study provides essential insights into the environmental behavior of ¹³⁴Cs, aiding in the assessment of radioactive risks and informing safety measures for nuclear facility siting. Seawater critically influences ¹³⁴Cs transport by reducing sorption and accelerating dispersion. The findings underscore the need to account for salinity and geochemical interactions in radioactive risk assessments for coastal nuclear sites. The developed transport model provides a predictive tool for long-term radionuclide dispersion in similar subsurface systems.
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1. Introduction
	
Nuclear technology has several applications, which are growing as research and innovation progress. The emphasis on safety, sustainability, and efficiency in energy generation, as well as advancements in medical therapies and industrial operations, highlights nuclear technology's vital role in modern society. As these technologies evolve, they hold the ability to address some of the most critical challenges in energy, health, and safety. Nuclear technology has recently become widely used in a variety of industrial and medical applications as well as energy production. The most common use of nuclear technology in energy production is the construction of nuclear power plants. In the industrial sector, nuclear technology is used for non−destructive testing (NDT) using gamma radiography. Further, nuclear technology presents new advancements in the medical sector and plays a crucial role in cancer treatment through radiotherapy.

Nuclear power plants (NPPs) have become the choice of many countries to cover their national demands for electricity. NPPs have recently generated about 2,563 TWh of electricity around the world, resulting in extremely low gas emissions, causing negligible air pollution. However, environmental pollution by nuclear radioactive materials, particularly during uncontrolled−release events, has many devastating consequences (Emsley, 2019). To estimate the impact of contamination caused by long−lived radionuclides that may be released into the environment during a nuclear accident and result in radioactive contamination of soils, it is critical to understand the mobility of these radionuclides near the nuclear power plant. The dispersion of artificial radionuclides resulting from nuclear accidents is an essential issue in radiological protection. Understanding how radionuclides diffuse in the environment allows us to assess their influence on human health and ecology (Ram Mohan, 2011). The nature and severity of the nuclear accident greatly influence the types and quantities of radionuclides emitted. Meteorological factors, topography, and geography all have a substantial impact on the dispersion of radioactive materials. Furthermore, the soil’s physical and chemical features affect radionuclide retention and mobility. Some radionuclides can bind to soil particles, while others are adsorbed by plants, influencing their distribution in the food chain (Ashraf, Khan, et al., 2014; Vallés et al., 2009).

Among the commonly released artificial radionuclides, cesium−137 is one of the most prominent radionuclides released during nuclear accidents due to its long half−life (about 30 years) and biological uptake by plants and animals. Iodine−131, Strontium−90, and plutonium isotopes (Pu−239, Pu−240) are also released in significant quantities during nuclear accidents (Ashraf, Akib, et al., 2014). Cesium is an alkali metal. It can occur in at least thirty−nine isotopes, the majority of which have atomic weights ranging from Cs−112 to Cs−151. Long−lived radioactive isotopes Cs−134 (t1/2 = 2.0 y), Cs−135 (t1/2 = 2.3 × 106 y), and Cs−137 (t1/2 = 30.08 y) have been found in the environment as a result of above−ground nuclear weapons testing since 1945 (Mascari et al., 2023; Völkle et al., 1989). Cs−134 is an activation product produced by bombarding stable cesium with neutrons. Cs−135 and Cs−137 are fission products produced by thermal neutron fission of spent fuel containing U−235 (Söderlund et al., 2011). The primary reasons for focusing on cesium migration could be: 1) its relatively high yield in fission reactions, 2) volatility, which leads to widespread dispersal, 3) long half−life (Cs−137), 4) solubility and mobility in the environment, similarity to potassium, which leads to bioaccumulation, and 5) ease of detection due to gamma emissions.  Other isotopes may also be hazardous, but cesium combines many characteristics that make it a main indicator of long−term contamination impact.

Following the March 11, 2011, event at the Fukushima Daiichi Nuclear Power Plant (FNPP), there has been a significant deal of interest in the fate and distribution of radionuclides in the aquatic environment. This is because this disaster resulted in the release of significant amounts of radioactive materials into the environment, affecting both the terrestrial and marine ecosystems (Al-Masri et al., 2003; Herrmann, 2009; Szefer, 2002; Wang et al., 2013). The distribution of artificial radionuclides, following a nuclear accident, is influenced by a complex interplay of factors, including the accident's nature, environmental conditions, and human activities. Understanding this distribution is crucial for effective risk assessment, public health protection, and environmental remediation. Knowledge of sorption−desorption behavior in soil−water systems is critical for understanding radionuclide transport and bioavailability, as well as assessing health concerns. Sorption is implicated in several processes, including ion exchange, precipitation, adsorption, and complexation, which allow released radionuclides to bond to soils and hence accumulate radioactivity (Kasar et al., 2020). Sheha et al studied the sorption−desorption behavior of many radionuclides on the surface of different soil samples under various conditions and explored their transport in the geosphere (El-Naggar et al., 2000; Ezz El-din et al., 1998; Sheha et al., 2020; 2007; 2023). They found out that the potential transport and fate of these radioactive species are dependent upon their speciation and the geochemical behavior of the predominant species.

To assess the performance and safety features of any location identified for the construction of nuclear power plants (NPPs) and their spent fuel storage facility, it is crucial to understand the sorption and mobility of radionuclides in the vicinity of this location. Furthermore, information on the sorption, diffusion, and migration of radionuclides in the chosen site is critical for safety analysis.  In this regard, and for the first time, the efforts in this work were devoted to collecting soil samples from different locations in Al-Dabaa, characterizing these samples, and investigating the migration behavior of cesium radionuclides in the study area under various conditions.

		2. Experimental

2.1. Sampling  

[bookmark: _Hlk181972706]Many soil samples were taken from Al-Dabaa, an area near the Alexandria−Matruh highway on Egypt's northwestern coast (Matruh province). The site is found between longitudes (28°22'− 28°31') E and latitudes (31°02'− 31°05') N, approximately four hundred kilometers from Cairo and 150 kilometers west of Alexandria. The soil samples were collected from several locations at a depth of around 25 cm below the ground surface. A hybrid approach (stratified systematic unaligned sampling) was employed as a systematic sampling strategy. The samples were packed, coded, and delivered to the laboratory. Then, after, the soil samples were air−dried, screened, sieved, and kept in glass bottles for later analysis and use. Additionally, a representative seawater sample was collected in 1−L narrow−neck pre−washed polyethylene bottles. In−situ, field measurements, including electrical conductivity (EC), pH, temperature, and total dissolved solids (TDS), were carried out using portable probes. The sample was delivered to the Lab, preserved, and analyzed following the methods described in ASTM (Beaman & Kingsbury, 1984).

2.2. Chemicals and reagents

All chemicals and reagents used in this work were of analytical grade purity and were not purified any further. Sigma−Aldrich (USA) provided hydrochloric acid (HCl), sodium hydroxide (NaOH), and cesium chloride (CsCl).

2.3. Radionuclides preparation

The radioisotope 134Cs has been produced by neutrons irradiating 0.01 g of suitable salt. The irradiation was carried out at Egypt's second research reactor (ET−RR−2). The target was wrapped in thin aluminum foil, placed in a radiation container, and exposed to 1014 nm−2.s−1 neutron flux. The following reaction occurred during the radiation process:
                                    (1)
The irradiated target was given time to cool. Then, it was dissolved in double-distilled water. A 1000 mg.L−1 stock solution of Cs(I) was prepared by dissolving the necessary amounts of cesium chloride (CsCl) in a certain volume of double-distilled water and diluting the solution to achieve the needed concentrations.

2.4. Soil characterization

Various methodologies were used to characterize the physical and chemical properties of soil samples. The specific surface area and porosity were assessed by the standard absorption of N2 gas at 77 K, using a Quantachrome analyzer of the NOVA1000e model, USA. The chemical composition was determined using an X−ray fluorescence spectrophotometer of type PAN analytical PW2404. The functional groups of soil samples were analyzed using a Nicolet iS10 type (FT−IR) spectrophotometer from Thermo, USA. The phase structure was examined using an X−ray diffractometer of the X'Pert PRO type with Cu−radiation (λ=1.5418 Å) tuned at 45 kV, 35 mA, and a scanning speed of 0.03o.sec−1. The specific conductivity was measured using the Cyber Scan 200 model from Eutech Instruments, Pte., Ltd. The pH values of aqueous solutions, during the present work, were measured using a pH−meter of HANNA type, model HI 8519, connected to a combined glass electrode. Firstly, the instrument was calibrated at room temperature, using three different standard solutions that have the standard pH values of 4, 7, and 10. Then, the calibrated instrument was used to measure the pH value of different prepared aqueous solutions, and the deviation in pH reading was in the range ±0.02 pH at 25 ±2 °C.

2.5. Sorption study

The sorption of cesium onto collected soil samples was performed by stirring a specific weight of each soil with 10 mL of 20 mg.L−1 Cs(I) solution, traced with 134Cs isotope in sealed glass bottles, at a specified pH value. For specific time intervals, the mixture was shaken in a thermostat shaker at 25  2 oC. After reaching equilibrium, the supernatant was centrifuged and radiometrically analyzed to assess the activity of 134Cs radionuclides. As previously stated, a series of experiments was carried out at various pH levels ranging from 1 to 11. The study's wide pH range was chosen to better understand cesium sorption in various natural and anthropogenic contexts, as well as to quantify risks under diverse environmental pressures. Other sets of experiments were carried out in the presence of varying amounts of EDTA and oxalic acid. The desorption of 134Cs radioisotope from loaded soil samples was carried out using various media, including seawater (SW), NaOH, FeCl3, EDTA, HNO3, and HCl. The choice of eluent used in studying cesium release from soil samples is driven by the need to simulate real−world environmental conditions and anthropogenic scenarios that could influence Cs mobility. Cesium radioactivity was γ−radiometrically assayed using a single-channel analyzer of the Nucleus−500 type connected to a NaI scintillation detector. The percentage of uptake (U% %) was calculated using the equation:
                                                = ×100 (2)
where Ai and Af are the initial and final radioactivity of cesium radionuclides. The maximum sorption capacity (Qmax, mg.g−1) was determined by equilibrating repeatedly specific weights of soil samples with a predetermined volume of 20 mg.L−1 Cs(I) solution containing 134Cs radioisotopes. After stirring the soil samples at room temperature for 24 hours, the supernatants were dragged, centrifuged, and γ−radioassayed. A new and equal volume of Cs(I) solution was added to the soil samples and agitated until equilibrium was reached. The procedure was repeated until no further sorption occurred. The amount adsorbed (qe) of Cs(I) onto soil samples can be calculated using the equation:
                                               qe = (  ) ×  (3)
where Co and Cf are the initial concentrations and final cesium concentrations in (mg.L−1), V is the volume of solution in (L), and m is the weight of the soil sample in (g). 

3. Results and Discussion

Ten soil samples were collected from diverse sites within the study area at varying depths below the ground surface. Only two of these samples were chosen to be the focus of the current research. In addition, a representative seawater sample from the same area was taken and chemically analyzed with ICP−MS. The analytical properties of these samples are described and discussed below.


3.1. Soil characterization

Nitrogen gas is commonly applied in determining the exact surface area and pore volume capacity of the solids investigated. This is because it is inactive and readily absorbs onto the surfaces of solid materials, allowing the calculation of the exact surface area. Pore volume can be determined by assessing the quantity of gas adsorbed at high relative pressures. The Brunauer−Emmett−Teller (BET) model was used to evaluate the surface area and pore volume capacity of the solids examined by a multifaceted BET scheme employing the relative pressure (P/Po) range of 0.05–0.86. The outcomes acquired are displayed in Table (1). The BET-specific surface area values of the Dabaa soils (20.717 and 28.476 m²·g⁻¹) are consistent with soils dominated by mesoporous structures, as confirmed by their average pore diameters (62.1, 69.5 nm) and porosity percentages (27.14, 33.46%), respectively. These values suggest mesoporous structures and moderate reactivity compared to clay-rich soils (e.g., bentonite or illite-rich soils), which often exhibit surface areas >50 m²·g⁻¹ due to microporous structures (Yang et al., 2016). This nature suggests that the NPPS/QSD and NPPS/QMC samples may align with arid region soils, which are composed of coarse aggregated particles with limited organic content (Khalifa & Gad, 2018; Saleh et al., 2020). The mesoporosity and moderate surface area observed may initially suggest limited capacity for cesium adsorption. Further, the mesoporous structure of Dabaa soils could promote rapid water infiltration and potentially enhance cesium transport. However, cesium retention is strongly influenced by soil mineralogy rather than surface area alone (Mukai et al., 2016). This highlights the need to complement BET data with future mineralogical analysis, which is critical to identifying phases in Dabaa soils that may enhance Cs⁺ retention and clarify their role in Cs⁺ immobilization.

Table (1): Specific surface area, average pore diameter, and porosity of the investigated soil samples.
	Property
	Soil samples

	
	NPPS/QSD
	NPPS/QMC

	Specific surface area, SBET (m2.g−1)
	28.48
	20.72

	Pore diameter, DP (nm)
	69.50
	62.10

	Bulk density, ρb (g.cm−3)
	0.677
	0.844

	Apparent density, ρo (g.cm−3)
	1.017
	1.158

	Porosity (%)
	33.46
	27.14

	Specific conductivity (µS)  
	33.50
	33.10

	Equilibrium pH in distilled water
	9.130
	9.430

	Functions of acid surface (meq.g−1)
	16.00
	24.00

	Functions of base surface (meq.g−1)
	94.00
	96.00

	pHZPC
	7.910
	7.750
















The surface function groups in soil may be of an organic nature (e.g., carboxyl, carbonyl, or phenolic groups) or inorganic molecular units. The major inorganic surface functional groups in soils are the siloxane surface associated with the plane of oxygen atoms bound to the silica tetrahedral layer of a phyllosilicate and hydroxyl groups that are associated with the edges of inorganic minerals such as kaolinite, amorphous materials, and metal oxides, oxyhydroxides, and hydroxides. The total surface acidic functional groups equal 16 and 24 meq.g−1, and that of basic functional groups equals 94 and 96 meq.g−1 for NPPS/QSD and NPPS/QMC samples, respectively. The slight soil acidity may be due to its content of the exchangeable H+ and Al3+, regarded to be more important in soil acidity than H+ because much of the exchangeable H+ may be due to the hydrolysis of Al on the organic constituent of soil (Tan, 2000).
	
[bookmark: _Hlk156033841]The FT−IR spectra for the soil samples NPP/QSD and NPP /QMC are illustrated in Fig. (1). The quartz crystal revealed peaks at 469, 693, and 794 cm−1 (Chester & Green, 1968; Ndukwe & Jenmi, 2008; Russell, 1987). Further, the calcite crystals exhibited peaks at 873, 1452, 1637, 1798, 2520, 2875, and 2924 cm−1 (Adams & Ford, 2001; Beaman & Kingsbury, 1984; Chester & Elderfield, 1967; Parthasarathy et al., 2001). Peaks at 3430 and 2520 cm−1 are caused by O−H stretching (Madejova & Komadel, 2001; Ndukwe & Jenmi, 2008). C−H stretching vibration is represented by the peaks at 2924 cm−1 and 2875 cm−1 (Chester & Elderfield, 1967; Parthasarathy et al., 2001). The C=O of (CO3)2− stretching mode vibrations caused 1798 cm−1 and 873 cm−1 bands (Chester & Green, 1968; Ndukwe & Jenmi, 2008). The peak at 1452 cm−1 could correspond to a vibration in the C−O bending mode (Adams & Ford, 2001). The 1637 cm−1 peak indicates H−O−H bending vibration (Beaman & Kingsbury, 1984). The frequencies at 1033 and 794 cm−1 are caused by Si−O symmetrical stretching (Povarennykh, 1978; Russell, 1987), while the frequency at 693 cm−1 is caused by Si−O symmetrical bending vibrations (Povarennykh, 1978). Peaks at 515 and 469 cm−1 are caused by asymmetrical Si−O bending vibrations (Madejova & Komadel, 2001; Russell, 1987). Mg−OH stretching vibration mode is responsible for the peak at 3685 cm−1 (Hazen et al., 1989).



[bookmark: _Hlk154038514][bookmark: _Hlk182898897][bookmark: _Hlk154054645]Figure 1: FT−IR spectra of the investigated soil samples.

[bookmark: _Hlk154041582][bookmark: _Hlk154069068]The mineralogical identity of the studied soils was verified using XRD analysis and the patterns are given in Fig. (2). The diffractogram of NPPS/QSD sample shows representative patterns at 2θ values of 20.86o, 26.64o, 36.55o, 39.48o, 40.30o, 42.46o, 50.15o, 54.88o, 59.97o and 68.16o, with lattice planes Miller indices (hkl) of (010), (011), (110), (102), (111), (020), (112), (022), (121) and (203), respectively. The data reveal that the crystal system is hexagonal (Norby, 1997), Fig. (2a). The XRD analysis exhibited the strongest reflection peak at 2θ values of 26.64o with a high−intensity percentage of 100 % and interatomic spacing (d−spacing) value of 3.34. Further, the reflection peaks given at 929.51o), (30.84o, 41.13o), (27.14o, 29.66o, 31.39 o, 36.52 o, 44.50 o), (30.29o, 29.66 o, 31.39 o, 36.52 o, 44.50 o) are related to hatrurite(Nishi et al., 1985), dolomite (Antao et al., 2004), sapphirine 1A (Dornberger-Schiff & Merlino, 1974), potassium aluminum silicate (Yamada et al., 1984) minerals, respectively.
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[bookmark: _Hlk154039056][bookmark: _Hlk154054566]Figure 2: X−ray diffractogram patterns of the investigated soil samples: a) NPPS/QSD, and b) NPPS/QMC.

[bookmark: _Hlk154069109]Figure (2b) shows the reflection peaks of the NPPS/QMC sample. Peaks at 2θ values of 20.86o, 26.64o, 36.54o, 50.13o, 59.95o and 68.13o, 77.67 o with lattice planes Miller indices (hkl) of (010), (011), (110), (112), (121), (203) and (220), respectively could be attributed mainly to quartz. The crystal system is concluded to be hexagonal (Proffen et al., 2005). NPPS/QMC's strongest reflection peak was detected at a 2θ value of 26.64o with a high−intensity percentage amounting to 100 % and a d−spacing value of 3.34. Other peaks were also observed at the sets (29.50o, 36.06o, 39.52o, 43.27o, 47.70o, 48.67o), (6.14o), and (19.92o, 33.33o, 36.78o) are related to magnesium calcite, zeolite potassian, and chloritoid, respectively (Falini et al., 1998; KOCH-MÜLLER et al., 2000; Mortier et al., 1972).
[bookmark: _Hlk156034244]The elemental composition of soil samples was determined using XRF spectroscopy, and results are given in Table (2). The data illustrate that SiO2 is the most plentiful component in NPPS/QSD and NPPS/QMC samples with percentages amounting to 40.9 and 35.6, in addition to iron, magnesium, calcium, and other trace oxides. These oxides play an important role in the chemistry of these soils. While they may not be found in large quantities, they have significant effects on soil adsorbability because of their high reactivity. It was also noted that the weight percentages of both Al2O3 and MgO in NPPS/QSD samples are greater than those in the NPPS/QMC soil sample. Additionally, the loss on ignition (LOI), which is considered an indicator for the free water and carbon dioxide contents, resulted from the decomposition of calcium carbonate to calcium oxide (CaO) and carbon dioxide (CO2) (Tanaka et al., 2018).  LOI values were found to be 17 and 24.3% for the soils NPPS/QSD and NPPS/QMC, respectively.

Table (2): Main chemical composition of the soil samples investigated.
	Compound
	Percentage (w/w %)

	
	NPPS/QSD
	NPPS/QMC

	Silica (SiO2)
	40.9
	35.6

	Calcium oxide (CaO)
	15.1
	23.7

	Alumina (Al2O3)
	11.4
	6.85

	Magnesium oxide (MgO)
	4.62
	2.86

	Iron oxide (Fe2O3)
	6.35
	3.32

	Zirconium dioxide (ZrO2)
	0.10
	0.10

	Sulfur trioxide (SO3)
	0.87
	0.18

	Chlorine (Cl)
	0.04
	0.48

	Potassium oxide (K2O)
	2.49
	1.54

	Scandium oxide (Sc2O3)
	0.02
	0.05

	Titanium oxide (TiO2)
	0.84
	0.61

	Strontium oxide (SrO)
	0.06
	0.27

	Manganese oxide (MnO)
	0.11
	0.06

	Chromium oxide (Cr2O3)
	0.01
	0.01

	Nickel oxide (NiO)
	0.01
	−−

	Zinc oxide (ZnO)
	0.01
	−−

	L.O.I
	17.0
	24.3



Despite the semi-quantitative nature of FT-IR, the mineralogy and elemental composition of the soil were quantitatively confirmed using complementary XRD and XRF investigations. The addition of XRD/XRF strengthens the conclusions of FT-IR and offers a more thorough examination that supports the IR results. Table (3) displays the synergy of FT-IR, XRD, and XRF data. The integration shows that the dominant quartz phase is present in both samples (hexagonal crystal system) with the highest reflection at 2θ = 26.64° (d-spacing 3.34 Å) and FT-IR exiting peaks for Si–O vibrations at 469, 693, 794, and 1033 cm⁻¹ (symmetrical stretching/bending). Other quartz peaks were found at 2θ = 20.86°, 36.55°, and 50.15°. Additionally, SiO₂ was confirmed by XRF to be the most prevalent oxide (40.9% in NPPS/QSD; 35.6% in NPPS/QMC). The FT-IR peaks for C=O stretching at 1798 cm⁻¹, C–O bending at 1452 cm⁻¹, and O–H stretching at 3430 cm⁻¹ suggest the presence of calcite (CaCO₃). Dolomite [CaMg(CO₃)₂] and magnesium calcite peaks were visible in NPPS/QMC at 2θ = 29.50°, 36.06°, according to XRD. Dolomite, sapphirine (Mg-Al-silicate), and potassium aluminum silicate are all found in the NPPS/QSD soil sample. XRF/LOI validation showed a high LOI value in NPPS/QMC (24.3%) vs. 17% in NPPS/QSD was consistent with calcite decomposition (CaO and CO₂ release). Similarly, FT-IR was used to find clay minerals and hydroxides in the form of Mg–OH at 3685 cm⁻¹ and –OH stretching at 3430 cm⁻¹. Higher Al2O₃ (14.2% in NPPS/QSD) and MgO support clay/hydroxide content were found by XRF. Additionally, XRD confirmed that NPPS/QMC (2θ = 19.92°, 33.33°) included chloritoid and sapphirine (a magnesium-rich aluminosilicate).

Table (3): The synergy of FT-IR, XRD, and XRF characterization data for the investigated soil samples.
	Component
	FT-IR 
Evidence
	XRD 
Evidence
	XRF 
Evidence

	Quartz
	Si–O peaks 
(469–1033 cm⁻¹)
	Hexagonal system
(2θ = 26.64°)
	SiO₂ = 40.9% (QSD), 35.6% (QMC)

	Calcite/Dolomite
	C=O (1798 cm⁻¹), 
C–O (1452 cm⁻¹)
	Dolomite 
(2θ = 29.50°, 36.06°)
	LOI = 24.3% (QMC), CaO from calcite

	Clays/Hydroxides
	–OH (3430 cm⁻¹), 
Mg–OH (3685 cm⁻¹)
	Sapphirine, chloritoid 
(2θ = 19.92°)
	Al₂O₃ = 14.2% (QSD), MgO content

	Organic Matter
	C–H 
(2875/2924 cm⁻¹)
	XRD detects crystalline phases
	LOI and trace oxides (Fe, Al)



According to the quantitative XRF, the SiO₂ composition was 40.9% in NPPS/QSD and 35.6% in NPPS/QMC soil samples, which is consistent with the dominance of quartz in the XRD/FT-IR analysis.   Additionally, NPPS/QSD has a greater AlO₃/MgO content amounted to 14.2%, which supports the clay/hydroxide configuration that is compatible with the O–H/Mg–OH vibration in FT-IR.  Furthermore, FT-IR C=O/C-O bands and XRD peaks at around 29–36° were used to identify CaO associated with calcite/dolomite.  In line with magnesium calcite breakdown (CO₂ loss), NPPS/QMC exhibits a greater LOI (24.3% compared to 17% for QSD).  Finally, it is evident that NPPS/QSD exhibits stronger –OH/clay signals (FT-IR) and higher Al₂O₃/MgO (XRF), which agree with sapphirine (XRD).  The stronger C=O (FT-IR) and Ca/Mg content (XRF) of NPPS/QMC can be explained by its higher LOI and magnesium calcite (XRD). The H–O–H bending (1637 cm⁻¹) and Al–O–Fe bands (880 cm⁻¹) in FT-IR indicate the correlation between adsorption reactivity and the trace oxides Fe₂O₃ (8.5%) in the NPPS/QSD sample and other oxides. These results robustly support the FT-IR assignments with the quantitative validation data offered by XRD/XRF characterization of the Al-Dabaa soils.



3.2. Water samples analysis

[bookmark: _Hlk195780197]The impact of salinity on Cs+ ions sorption is a complicated subject and can vary depending on the specific characteristics of the soil and seawater conditions. Hence, a seawater sample was collected from the area of study, and analyzed using ICP−MS, and data are shown in Table (4). Data declare the presence of elevated levels of the Na+, Mg2+, K+, and Ca2+ cations. Both Na+ and Mg+ ions exist in comparable high concentrations, amounting to 15000 and 1400 mg.L−1, while K+ and Ca2+ are present in moderate amounts equal to 407 and 340 mg.L−1, respectively. Contrarily, cations such as Al3+, Cu2+, Zn2+, Mn2+, and Fe3+ exist in seawater in lower concentration ranges. The concentration of major elements has the order Na+ > Mg2+ > K+ > Ca2+ > B3+ > Ba2+.

Table (4): Elemental analysis of the collected water sample.
	Element
	Concentration  (ppm)

	Na+
Mg2+
K+
Ca2+
B3+
Ba2+
As3+
Al3+
Cu2+
Zn2+
Mn2+
Fe3+
	15000
1400
407.0
340.0
4.100
0.300
0.120
0.100
0.072
0.042
0.011
0.009














3.3. Sorption study

Sorption properties of soil samples were investigated in terms of distribution coefficient (Kd). The results show that Kd is affected by a variety of experimental parameters, such as the pH value of the aqueous solution, time, and water salinity. The effect of such parameters on the sorption behavior of cesium ions onto the investigated soils was examined and explained further below.

3.3.1. Effect of pH

The pH of the aqueous solution is crucial because it regulates the speciation of metal ions as well as the dissociation of active functional sites on the sorbent (Makarem et al., 2023, 2024). The batch sorption of Cs+ ions onto examined sandy soil samples was evaluated at pH ranges ranging from 1.6 to 12.4 (adjusted with 0.1M HCl and 0.1M NaOH). To establish the degree of solubility of Cs+ ions under practical experimental settings, a blank investigation was performed in the absence of any soils. Figure (3) depicts the influence of pH on the sorption of Cs+ ions from aqueous solutions by sandy soil samples. The distribution coefficient of Cs+ ions rises when pHi values increase from 1.6 to 7, and Kd values increase from 46.62 mL.g−1 to 249.67 mL.g−1 and from 26.03 mL.g−1 to 95.22 mL.g−1 for NPPS/QSD and NPPS/QMC samples, respectively. 


[bookmark: _Hlk196404956][bookmark: _Hlk182904407]Figure 3: Effect of initial pH value on the distribution coefficient of cesium ions onto the investigated soil samples (teq = 24 h, V/m =100 mL.g−1, Co = 20 mg.L−1, temp. = 27 1 oC).

In general, Cs(I) sorption often rises with the rising pH of the solution due to the increased negative surface charge of soil elements, which is beneficial for cation adsorption. Cs+ ions were found to be adsorbed on sandy soil even under very acidic circumstances (pH < 4). This is owing to the soil's low point of zero charge (PZC) value, as quartz has a PZC < 3 (Tertre et al., 2006). Furthermore, Cs(I) sorption occurs through cation exchange processes, at low pH levels, where Cs+ cations in solution can exchange with other cations such as H+, Na+, K+, Ca2+, and Mg2+ that are already adsorbed to the soil mineral surfaces. 

[bookmark: _Hlk156034659]The mineral phases of NPPS/QSD and NPPS/QMC soil samples directly influence Cs⁺ sorption behavior through their surface chemistry. The key mineral phases in applied soil samples are quartz, calcite/dolomite, clay minerals, and metal oxides. Quartz has low cation exchange capacity (CEC) due to its inert Si–O structure and can weakly adsorb Cs⁺ via outer-sphere complexes, especially at neutral to alkaline pH, where silanol (Si–OH) groups deprotonate and develop a negative charge. The high content of calcite/dolomite in NPPS/QMC soil depressed Cs⁺ adsorption, where calcite has low Cs⁺ affinity. Minerals (e.g., sapphirine, Chloritoid) that have high CEC due to their layered structures and exchangeable interlayer cations (e.g., K⁺, Mg²⁺) bind Cs⁺ strongly to frayed-edge sites (FES) and interlayers, especially at neutral pH range. The edge sites on soil minerals such as calcite, zeolite, hatrurite, dolomite, and potassium aluminum silicate typically aid in the cation exchange behavior of Cs(I) with sandy soils. The corresponding cation exchange reactions could be represented by the following equations:
Cs+ +  ( ≡S−OH) ↔ ( ≡S−O)−Cs + H+                                   (4)
where ≡S−OH is the hydrolyzed surface of sandy soil. A similar mechanism was also proposed for the sorption of Cs+ ions on other soil samples (ASTM, 2000). As pH increases above 6, additional sorption can occur through specific adsorption reactions involving the bonding of Cs+ ions to highly reactive surface functional groups like silanol and aluminum hydroxyl sites on the minerals that are present in the soil structure. 

[bookmark: _Hlk154432355]Generally, at low pH (<6), the interaction of Cs+ ions with soil is highly affected by H⁺ ions that compete with Cs⁺ for binding sites on the soil surface, reducing the sorption extent. Further, the carbonates (from calcite) dissolve, releasing Ca²⁺/Mg²⁺ ions that may block Cs⁺ ions and decrease their uptake. At Neutral to Alkaline pH (6–9), sorption is a complex process involving multiple mechanisms depending on specific soil conditions and the concentration of  Cs+ ions in the solution. The neutral range is optimal for clay minerals (e.g., sapphirine in NPPS/QSD), where calcite stabilizes pH and the negative surface charge (–O⁻/–OH⁻) favors Cs⁺ adsorption to coexisting clays/oxides. At high pH values, most edge sites on soil minerals like Silica (quartz) and hydroxides develop stronger negative charges, increasing Cs⁺ adsorption through electrostatic attraction. Further, Cs+ ions can form inner−sphere complexes with specific functional groups on soil organic matter like C–H, O–H, and Mg–OH (likely from Mg-rich minerals). This type of adsorption is stronger than outer−sphere complexation and can be pH−dependent. 

It is important to note that there are sample-specific differences in their mineral contents and sorption affinities. The key mineral phases in NPPS/QSD and NPPS/QMC soil samples are quartz, calcite/dolomite, clay minerals, and metal oxides. The NPPS/QSD sample has higher Al₂O₃/MgO and clay content (sapphirine), hence it likely gives greater Cs⁺ sorption capacity than NPPS/QMC, especially at neutral pH values. NPPS/QMC soil has higher calcite buffering, enhances Cs⁺ adsorption on minor clay/oxide phases, but may reduce overall capacity due to fewer clay sites.

3.3.2. Effect of time

[bookmark: _Hlk195779174]The effect of contact time on the elimination of Cs+ ions from aqueous solutions with investigated soil samples, NPPS/QSD and NPPS/QMC, was studied with different starting times ranging from 5 min. to 24 h. The experiments were carried out in a batch method where 0.1 g of soil samples was equilibrated with 10 mL of 20 mg.L−1 cesium radionuclide solution at initial pH values equal to 7 and a temperature amounted to 25 oC. The mixture was agitated at a constant speed for specific time intervals, and the data revealed are represented in Fig. (4). It was demonstrated from the plots that the distribution coefficient values of Cs+ ions are high for NPPS/QSD and NPPS/QMC soil samples in the first 45 minutes. With time, Kd values climbed significantly until they reached equilibrium after 2 hours, with distribution coefficient values of 250.76 and 99.51 L.g−1, respectively. It was discovered that NPPS/QSD has a greater retention ability for Cs+ ions than NPPS/QMC sandy soil. The plots also illustrate that the distribution of Cs+ ions occurred in two distinct stages. The first one describes a fast distribution of cesium between the applied sandy soils and aqueous solution, while the second one presents a slow distribution trend until reaching equilibrium. The larger distribution of cesium at first may be attributed to the free sorption sites that are ready for the sorption of the cesium radionuclide. As time passes, the available non−occupied sorption sites decrease, and thus the cesium distribution (Kd) reaches equilibrium (R. R. Sheha, 2012).


Figure 4: Effect of contact time on the distribution coefficient of cesium ions onto the investigated soil samples (teq = 24 h, V/m =100 mL.g−1, Co = 20 mg.L−1, temp. = 27 1 oC).

The pseudo−first−order (PFO) model was applied to explore the kinetics of Cs+ ions sorption onto the soil samples used. The model is proposed for the solute sorption in solution/solid interface systems that are controlled by physisorption’s surface reaction. The mathematical equation for the PFO model is given by Lagergren  (Lagergren, 1898):
(5)
where are the amounts of Cs+ ions adsorbed onto soil samples at equilibrium and at time t (mg.g−1), and  is the rate constant of sorption for the PFO model (min−1). Figure (SD1) shows a linear relationship of plotting vs. time. The pseudo−first−order rate constant (kf) values were determined from the slopes of these straight lines and are given in Table (4). The values of kf were found to be 0.024112 and 0.028926 min−1 for cesium sorption onto NPPS/QSD and NPPS/QMC soils, respectively. These rate values indicate the high retainability of the soil for the immobilization of Cs+ ions. The adsorbed amounts from Cs+ ions onto NPPS/QSD and NPPS/QMC soils, at equilibrium, were determined to be 0.164 and 0.163 mg.g−1, while the experimental values were 1.431 and 0.998 mg.g−1, respectively. Because the  values do not match the experimental ones, and the R−square values are far from unity; the kinetics of the pseudo−first−order model do not describe the sorption of Cs+ ions onto the analyzed soil samples.

The pseudo−second−order (PSO) mathematical kinetic model was also used. It posits that chemisorption is the rate-limiting step for ions adsorbing onto the sorbent surface. The empirical mathematical equation of pseudo−second−order is given by Ho and McKay  (Ho & McKay, 1999):
 (6)
where is the PSO adsorption rate constant (g.mg−1.min−1), h is the initial rate of sorption (mg.g−1.min−1), which equals to .  A plot of versus time for sorption of Cs+ onto the studied soil samples gave straight lines as given in Fig. (SD2). Table (5) presents the different model constants that were calculated from the slopes and intercepts of corresponding plots. The  values for Cs+ ions sorption onto NPPS/QSD and NPPS/QMC soil samples are 1.448 and 1.015 mg.g−1, respectively. These values are comparable to the experimental values that amounted to 1.431 and 0.998 mg.g−1, respectively. Hence, the sorption of Cs+ ions onto applied soils fits the kinetics of the pseudo−second−order model. Consequently, sorption is a chemisorption process, and the rate−limiting step is affected by the initial cesium concentrations and the number of active sites on the soil surface.

Table (5): Pseudo−first− and pseudo−second−order model’s constants for the sorption of cesium onto the investigated soil samples.
	Model
	Parameters
	Soil samples

	
	
	NPPS/QSD
	NPPS/QMC

	1st order
	kf  (min−1)
	0.024112
	0.028926

	
	qe (mg.g−1)
	0.163550
	0.163403

	
	R2
	0.818360
	0.756630

	
	SD
	1.98E−03
	2.83E−03

	2nd order
	ks (g.mg−1.min−1)
	0.287662
	0.295308

	
	qe (mg.g−1)
	1.448247
	1.014837

	
	h (mg.g−1.min−1)
	0.603347
	0.304136

	
	R2
	0.99959
	0.99972

	
	SD
	5.69E−03
	6.70E−03

















3.3.3. Effect of water salinity 

[bookmark: _Hlk156035003]The behavior of cesium isotopes in coastal environments is a complex issue with important implications for nuclear safety and environmental health. The impact of seawater salinity on cesium isotope sorption on sandy soils is a challenging topic that has received a lot of attention in recent years. Cesium is a highly mobile element that can be readily transported in groundwater and surface water, making it a major concern for environmental contamination. Sandy soils are often found in coastal areas, where they are directly exposed to seawater. As a result, understanding the impact of seawater salinity on cesium sorption in these soils is essential for predicting the fate and transport of Cs(I) isotopes (Oughton et al., 1997). The effect of seawater salinity (SW) on cesium sorption on the studied soil samples is illustrated in Fig. (5). Data illustrates that the adsorbed amount (q, mg.g−1) from Cs+ ions onto the surface of the applied sandy soil samples was highly decreased with using seawater as a medium instead of distilled water (DW). The amount of Cs+ ions adsorbed onto the surface of NPPS/QSD and NPPS/QMC soil samples was decreased from 1.42 to 0.78 mg.g−1 and from 1.01 to  0.45 mg.g−1,  respectively.  Furthermore, the distribution coefficient (Kd) value decreased from 250.762 (DW) to 67.17962 L.g−1 (SW) for Cs+ ions sorption onto NPPS/QSD sample, while it decreased from 99.511 to 29.4371 L.g−1 when SW was used during sorption onto NPPS/QMC soil sample.


Figure 5: The role of water salinity on the amount adsorbed from cesium ions onto the investigated soil samples (teq = 24 h, V/m =100 mL.g−1, Co = 20 mg.L−1, temp. = 27 1 oC).

[bookmark: _Hlk181972634]The decrease in Cs+ ions sorption, with the presence of seawater, is attributed to the pH influence, ionic strength effects, and cation competitive exchange of metal ions, existing in seawater, with Cs+ ions for the available active sites on the surface. The high concentrations of Na⁺ (15,000 mg.L−1) and Ca²⁺ (340 mg.L−1) in seawater compete with Cs⁺ ions for soil adsorption sites. Despite its lower concentration, Ca²⁺ had a stronger inhibitory effect than Na⁺, likely due to its higher charge density and preferential binding to negatively charged soil surfaces (e.g., clay edges or organic matter). The cations Na⁺, K⁺, Mg²⁺, and Ca²⁺ in seawater may also displace Cs⁺ from soil binding sites (e.g., clay interlayers or organic matter). Additionally, increased salinity weakens electrostatic forces and reduces Cs(I) adsorption due to charge screening or changes in the diffuse double layer. Seawater’s slightly alkaline pH (∼8.0) could alter surface charges on soil minerals, affecting Cs affinity. The results illustrate that the NPPS/QSD soil sample can retain Cs+ ions in the presence of seawater, greater than the NPPS/QMC sample. The role of salinity in the sorption of some radioisotopes on sandy soil samples was previously studied (R. R. Sheha et al., 2023). Zachara et al. quantified how high ionic strength reduces Cs⁺ adsorption on micaceous minerals via activity coefficient effects (Zachara et al., 2002). Moreover, other investigators reported that Cs sorption in high-salinity conditions was reduced due to competition with Mg²⁺/Ca²⁺, particularly in low-clay soils (Fan et al., 2014).

[bookmark: _Hlk157250857]The current study proves that seawater salinity decreased the sorption of cesium on the sandy soils in coastal areas. The decrease in value depends on the type and concentration of cations in seawater and the cation exchange capacity (CEC) of the soil. The observed reduction in Cs⁺ sorption, under saline conditions, has critical implications on the fate and transport of radioisotopes in the geosphere due to enhanced mobility, where Cs⁺ ions deposited on soil may migrate faster toward groundwater or surface water increasing the leaching risks in coastal soil due to seawater intrusion, potentially accelerating groundwater contamination. Therefore, it has significant consequences for coastal nuclear facilities proposed at the Al-Dabaa site. Furthermore, the complex interactions between salinity ingredients and the mobility of radioactive contaminants, such as 134Cs, in sandy soils highlight the need for a mitigation strategy such as using clay-rich barriers (e.g., bentonite with high K⁺ content) or soil retardants to outcompete Cs⁺ in addition to a periodical prediction and monitoring of  Cs⁺ mobility near coastal facilities. Understanding these issues is essential for developing effective strategies for predicting the fate and transport of these radioisotopes and remediating contaminated sites to protect human health and the environment.

3.4. Desorption behavior

[bookmark: _Hlk156035348][bookmark: _Hlk156035543][bookmark: _Hlk197879667]The desorption of Cs+ ions from contaminated soil samples was performed using a variety of eluants, including seawater (SW), NaOH, FeCl3, EDTA, HNO3, and HCl, and the results are shown in Fig. (6). The results show that Cs+ ions were hardly eluted from contaminated soil samples using 0.1M NaOH, where only 43.84 and 44.90 % of Cs(I) were released from the soils NPPS/QSD and NPPS/QMC, respectively. This could be attributed to the stability of sandy soils at high pH values due to decreasing the dissolution interactions of soil components and deprotonation of soil surface sites in high basic media. Consequently, reducing the possibility of cation exchange with other metal ions (Bian et al., 2023). Contrary, the desorption percentages of Cs+ ions from NPPS/QSD and NPPS/QMC soils using seawater reached the values of 97.29 and 94.34 %, respectively, while the desorption percentages of 94.40 and 90.83 % were recorded using 0.1M HCl, respectively. Further, 0.1 M HNO3 eluted about 87.41 and 88.64 %, from the soils NPPS/QSD and NPPS/QMC, while 0.1 EDTA only desorbed about 71.47 and 87.67 % from loaded cesium, respectively. The values of 66.29 and 74.07 % of loaded cesium were recovered using 0.1 M FeCl3. Therefore, the effectiveness of the eluents used to release Cs+ ions from collected soil samples was given in order of SW > HCl > HNO3 > EDTA > FeCl3 > NaOH.


Figure 6: Elution of cesium ions from loaded soil samples using different eluents.
[bookmark: _Hlk157250873]The high recovery of Cs+ ions obtained by using seawater as an eluent could be attributed to their high cation content from Na+, K+, Ca2+, and Mg2+ cations that could elute Cs(I) ions in a cation exchange process. The cesium recovery detected by using the mineral acids HCl and HNO3 could be attributed to the dissolution of the sandy soils in an acidic medium. Also, the chelation characteristics of  EDTA with its carboxylic groups are enough to chelate Cs+ ions from loaded soils, giving a reasonable efficiency to release the sorbed cesium from the surface of the sandy soils (Fedorova et al., 2015). Finally, cesium is not strongly sorbed to the sandy soil and is more likely to be leached from the soil. This can increase the mobility of Cs(I) in sandy soils and transport to surface water or groundwater, raising the risk of active cesium exposure to humans and the environment.

3.5. Migration of 134Cs radionuclides
3.5.1. Diffusion behavior

The dispersion of radionuclides must be predicted using several diffusion−based models to ensure safe design and meet human health protection requirements while building nuclear power plants. The heterogeneous character of the soil matrix makes the sorption of cesium on the soil surface more complex than chemisorption, which is the only active rate−limiting mechanism, even if the pseudo−second−order model fits the experiment results well. Therefore, further suitable models that can depict all different situations of reaction kinetics may help in comprehending the operative diffusion mechanisms. In general, bulk, film, and pore diffusions as well as metal ion interaction with specific active sites on the soil surface (chemisorptive diffusion) can all be used to transfer cesium radioisotopes from aqueous solution to the soil surface. Three diffusion models were selected and theoretically applied to illustrate the rate−determining step.

 Film diffusion controls the transport of cesium ions from a liquid phase to the soil surface and plays a significant role in the sorption process.  The film diffusion model was applied using the equation described by Boyd (Boyd et al., 1947):
Log (1− F) = − t    (7)
[bookmark: _Hlk182896727]where: F is the fractional attainment at equilibrium (F = qt / qe) and  is the film diffusion rate constant (min−1). Figure (SD3) shows the relationship between log (1−F) and t for the sorption of Cs+ ions onto the studied sandy soil samples. The kinetics of Cs(I) sorption are regulated by their diffusion through the external liquid film surrounding the particles of sandy soils, according to a linear plot of log (1−F) vs. t with zero intercepts. The slopes of the associated plots' straight lines were used to graphically calculate the Cs+ ions rate constant (kfd) for film diffusion. Table (6) provides the rate constant along with the correlation coefficient (R2) values. The non−zero intercepts that were obtained demonstrated that the film diffusion model was not very applicable to the sorption of europium ions onto the samples of sandy soil. The film diffusion model is therefore beneficial only in the early stages of the sorption process. Later in the sorption process, pore resistance takes over, and the role of film diffusion steadily diminishes.


[bookmark: _Hlk182901283]Table (6): Film diffusion model’s constants for the sorption of cesium onto the investigated soil samples.
	Model’s parameters
	Soil samples

	
	NPPS/QSD
	NPPS/QMC

	kfd ( min−1)
Intercept
R2
SD
	0.05912
	0.07867

	
	− 0.47073
	− 0.09016

	
	0.80650
	0.90340

	
	6.11E−03
	5.51E−03









The intraparticle diffusion model controls the transport rate during the later period of sorption. The possibility of intraparticle (pore) diffusion was explored using the diffusion model given by Weber Morris and presented by the equation (Weber Jr & Morris, 1963):	
(8)
[bookmark: _Hlk182473610][bookmark: _Hlk182473666]where kid is the intraparticle diffusion rate constant (mg.g−1.min−1/2) and C is a constant (mg.g−1) that gives an idea about the thickness of the boundary layer. The plots of vs.t1/2 for sorption of Cs+ ions are shown in Fig. (SD4). If the plot of qt against t1/2 gives a straight line passing through the origin, the sorption process is solely controlled by the intraparticle diffusion. On the other hand, if the data display multi−linear curves, it will indicate that two or more steps control the sorption process (Atia et al., 2008). For the two soil samples, Fig. (SD4) shows that straight lines did not go through the origin. The presence of intraparticle diffusion is confirmed by the observed straight line. The fact that straight lines deviated from the origin suggested that there were other rate−controlling steps besides pore diffusion. Additionally, the figure displays data points connected by two straight lines. A quick external diffusion stage representing macropore or interparticle diffusion is represented by the first linear piece, while a progressive sorption stage regulated by intraparticle diffusion and possibly micro−pore diffusion is represented by the second linear portion (Badmus et al., 2007). This trend may suggest that film diffusion or a combination of film diffusion and surface sorption are the primary active mechanisms during the initial stage of reaction time. The rate constant (kid) of each linear portion for intraparticle diffusion of Cs+ ions into the interior pores of soil particles, was determined and their values are given in Table (7). Significantly, the value of C2 was greater than that of C1 and this declared that the thickness of boundary layer in the second region, corresponding to intraparticle diffusion, was larger than that in the first region C1, referred to interparticle diffusion. The values of the intraparticle diffusion rate constant (kid2) were smaller than those of the interparticle diffusion rate constant (kid1). This gave a prediction that many Cs+ ions diffused into the pores of the soil before being adsorbed. Hence, the transport of Cs+ ions within the two soil samples was controlled by both film and intraparticle diffusion with taking into consideration that the film diffusion's rate constant (kfd) values are smaller than those of the intraparticle diffusion rate constant (kid) for Cs+ ions sorption onto each soil sample.


Table (7): Intraparticle diffusion model’s constants for the sorption of cesium onto the investigated soil.
	Model’s parameters
	Soil samples

	
	NPPS/QSD
	NPPS/QMC

	First linear region

	kid1 (mg.g−1min−1/2 )
	0.15836
	0.08528

	Intercept  C1 
	0.32096
	0.39716

	R2
	0.99654
	0.98965

	SD
	5.39E−03
	5.03E−03

	Second linear region

	kid2 (mg.g−1min−1/2 )
	0.00029
	0.00052

	Intercept  C2 
	1.42047
	0.97925

	R2
	0.47031
	0.63020

	SD
	1.53E−04
	2.10E−04

















The existence of intraparticle diffusion and the predominance of chemisorption are inferred by the Ho and McKay model's conformance and the Weber and Morris model's compliance. Therefore, it is hypothesized that for the majority of the reaction period, a combination of diffusion and chemisorption controls the sorption of Cs+ ions by the soil samples under investigation. This behavior highlights how interdependent these processes are throughout the sorption process. Therefore, Sutherland's diffusion−chemisorption model was used to model the sorptive diffusion of 134Cs radionuclides in the studied site. 

[bookmark: _Hlk182469674]According to the Diffusion−Chemisorption model, both diffusion and chemisorption mechanisms are thought to be involved in the sorption of metal ions in heterogeneous environments. Additionally, it integrates the diffusion and chemisorption rate equations into a set of differential equations that characterize the entire process. The empirical linear equation proposed by Sutherland is (Sutherland, 2004):
(9)
where kdc is a rate constant for diffusion−chemisorption, qt, and qe are the adsorbed amount at time t (min) and equilibrium (mg.g−1). Graphically, the equilibrium sorption capacity (qe) and diffusion−chemisorption constants (kdc) were determined from the initial slope of the experimental kinetic curve. For the sorption of Cs+ ions in NPPS/QSD and NPPS/QMC soil samples, the plots of t1/2/qt against t1/2  are displayed in Fig. (7), and Table (8) provides the computed various model parameters. The observed linear connection and the consistently high R2 values revealed an accurate simulation of the multi−mechanistic reactions for the cesium diffusion process. Additionally, the diffusion−chemisorption rate constant (kdc) for Cs(I) diffusion through NPPS/QSD is greater than that of the NPPS/QMC soil sample. This trend is expected due to the differences in the surface characteristics of both soils. When compared to the PPS/QMC soil sample, the NPPS/QSD soil exhibits higher surface area and pore diameter values, Table (1). Further, the theoretical and experimental sorption capacity values exhibited a good concurrency, where the calculated qe values amounted to 1.441 50 and 1.017 mg.g−1 for NPPS/QSD and NPPS/QMC soil samples, respectively. 

One can see that the qe values for the sorption of Cs+ ions onto the soil samples under investigation, which were determined using the diffusion−chemisorption kinetic model and those that were determined using the pseudo−second−order kinetic model, have comparable values and are comparable with the experimental data. Additionally, compared to the other examined models, there was a stronger correlation and better concurrency with the experimental data. Therefore, the diffusion of cesium radionuclides onto the investigated soil samples is a multi−mechanistic kinetic reaction, and the sorption process is logically controlled by the diffusion−chemisorption kinetic model. Furthermore, the diffusion−chemisorption kinetic model's compliance (R2 > 0.99) presupposes that the environment's heterogeneity influenced the diffusion of Cs(I) in the soil samples under study.



Figure 7: Diffusion−chemisorption plots for the sorption of cesium ions onto the investigated soil samples (teq = 24 h, V/m =100 mL.g−1, Co = 20 mg.L−1, temp. = 27 1 oC).







Table (8): Diffusion−chemisorption diffusion model’s constants for the sorption of cesium onto the investigated soil samples.
	Model constants
	Soil samples

	
	[bookmark: _Hlk182472096]NPPS/QSD
	NPPS/QMC

	kdc  (mg.g−1min−1/2)
qe (mg.g−1)
R2
SD
	6.90417
	1.802159

	
	[bookmark: _Hlk182472315]1.44059
	[bookmark: _Hlk182472330]1.017491

	
	0.99994
	0.99883

	
	2.19E−03
	1.38E−02










[bookmark: _Hlk182458264]
3.5.2. Fixation action

Advection, diffusion, and sorption are some of the physicochemical mechanisms that control the radionuclide migration over the geosphere. Each of these processes might happen individually or simultaneously. The characteristics of porous media, the composition of the aqueous phase, and the chemical properties of leached radionuclides all also have a significant impact on the rate of dispersion of released radionuclides. Among the several physicochemical processes, sorption is the most important (Sparks, 2003). It reduces the migration rate of various radionuclides and is thus recognized as the primary strategy for reducing migration through the geo−environment. Furthermore, various parameters, such as pH values, chemical species of radionuclides, and the mineral and chemical composition of the soil, could impact the sorption of radionuclides from fallout in sandy soils.

[bookmark: _Hlk157250944][bookmark: _Hlk182917761]The result of this work proved that the collected sandy soils have a low affinity to retain cesium isotopes that are highly released from their surfaces in the presence of many eluents, especially seawater. This results in a high movement rate of cesium radionuclides in the studied area and hence increases the probability of environmental contamination and maximizes the radioactive risk to human health. Therefore, efforts were directed to upgrade the retention abilities of the collected soil samples using two fixation scenarios that could be used for immediate and long−term actions. In the first one, four solid modifying materials were applied to increase the retainability of the investigated soil towards the cesium radionuclide over long−term action. The selected materials are synthesized manganese dioxide (MnO2), barium hydroxyapatite (BaHAp), natural clay, and magnetite. They were mixed with both NPPS/QSD, and NPPS/QMC soil samples in a 1:2 ratio. The second objective comprised wetting the soil samples with different concentrations (0.2 and 0.5M) of oxalic acid and EDTA aqueous solutions. 

Figure (8) illustrates that the sorption performance of the investigated soil samples for Cs+ ions was upgraded in the presence of MnO2, clay, BaHAp, and magnetite. The amount of cesium fixed onto the NPPS/QSD soil surface increased from 14.3 ppm to 17.0, 17.8, 15.8, and 16 ppm in the presence of MnO2, clay, BaHAp, and magnetite, respectively. Furthermore, the desorption of Cs+ ions from this soil, using seawater as an eluant, was highly reduced from 13.9 ppm to 5.1, 4.4, 3.9, and 4.3 ppm in the presence of MnO2, clay, BaHAp, and magnetite, respectively.  It is important to note that mixing clay with NPPS/QSD soil exhibited the best sorption/desorption performance compared with the other materials, Fig (8a). Similarly, Cs+ ions sorption onto NPPS/QMC sample increased from 10.0 ppm to 13.0, 14.6, 11.4, and 11.1 ppm in the presence of MnO2, clay, BaHAp, and magnetite, respectively.  Also, the desorption of Cs+ ions from NPPS/QMC soil reduced from 9.4 ppm to 5.7, 4.9, 4.3, and 4.7 ppm with the presence of MnO2, clay, BaHAp, and magnetite, Fig. (8b). It becomes clear that mixing NPPS/QMC with clay enhanced its sorption/desorption performance for Cs+ ions better than MnO2, BaHAp and magnetite with values of 48.5, 36.0, 35.6 and 31.9 %, respectively.
	a

	


	b

	



Figure 8: The sorption/desorption performance of the investigated soil samples for cesium ions in the presence of different solid modifiers:  a) NPPS/QSD, and b) NPPS/QMC (teq = 24 h, V/m =100 mL.g−1, Co = 20 mg.L−1, temp. = 27 1 oC).

The change in soil retainability with the presence of oxalic acid and EDTA solution is represented in Fig. (9). The graphs illustrate that the sorption capacity of NPPS/QSD soil sample for Cs+ ions was increased in the presence of oxalic acid and EDTA. Experimentally, the amount adsorbed from 20 ppm Cs+ ions was increased from 14.3 ppm to 15.6, 16.3, 17.7, and 18.3 ppm in the presence of 0.2M oxalic acid, 0.5M oxalic acid, 0.2M EDTA, and 0.5M EDTA, respectively. Hence, Cs+ ions uptake increased up to 81.5 and 91.5 %, achieving ~12.5 –20 % increment, with the presence of 0.5M oxalic and EDTA, respectively. Contrary, the desorption of Cs+ ions from NPPS/QSD sample using seawater, as an eluant, reduced from 13.9 ppm to 5.3, 4.9, 4.3, and 2.7 ppm in the presence of 0.2M oxalic acid, 0.5M oxalic acid, 0.2M EDTA, and 0.5M EDTA, respectively. This illustrates that desorption dropped from 96.5 % to ~24.5 and 13.5 5 (~72–85 % reduction). It is worth noting that using 0.5M of EDTA with the soil sample NPPS/QSD exhibited better retention/desorption performance for Cs+ ions when treated with seawater as an eluant, where it maximized the sorbed amount and decreased the released fraction. The promising increase in Cs⁺ retention with EDTA and oxalic acid suggests that their primary role, in this system, is competitive sequestration of seawater cations (Ca²⁺/Mg²⁺), rather than direct Cs⁺ complexation. EDTA’s strong chelation of divalent ions frees up adsorption sites for Cs⁺, while oxalic acid’s low pH suppresses Ca²⁺/Mg²⁺ adsorption. Further spectroscopic studies (e.g., EXAFS) could confirm whether these modifiers alter Cs⁺ binding mechanisms at the molecular level."


[bookmark: _Hlk157248939]Figure 9: The sorption/desorption performance of NPPS/QSD soil samples for cesium ions in the presence of different aqueous modifiers (teq = 24 h, V/m =100 mL.g−1, Co = 20 mg.L−1, temp. = 27 1 oC).

3.5.3. Transport modeling  

[bookmark: _Hlk157251003]The performance of radiological risk assessments frequently necessitates the development and use of acute transport models for porous media, which demand legitimate input data for parameters that define the behavior of radionuclides in target matrices (IAEA, 2001). These numerical transport models are important to parameterize and quantify the processes governing the fate and transport of radionuclides among the soil matrix of an ecosystem. Practically, long−term radionuclide migration prediction can be conducted via numerical simulation based on a short−term field experiment.

[bookmark: _Hlk156036096][bookmark: _Hlk156036153][bookmark: _Hlk156036204]The transport of an active tracer in a homogeneous porous soil is commonly described by the convection–dispersion transport model. The classical differential equation for the multi−dimensional movement of conservative, reactive solute in soils under steady−state water flow conditions may be written as (El-Naggar et al., 2000; Ezz El-Din et al., 1998):
                                                                     (10)

where Rf is the retardation factor of the soil for the radionuclide, Ci is the concentration of the radionuclide in the solution at point (x, y, z) at time t. Vx, Vy, and Vz are the groundwater velocities in the x, y, and z directions. Dx, Dy, and Dz are the dispersion coefficients in the x, y, and z directions. λ is the radioactive decay constant, and S(t) is the radionuclide adsorbed concentration at time (t). The retardation factor (Rf) quantifies the retardation of the vertical solute transport in the soil concerning the water transport. It can be stated as:
Rf = 1+ ρ Kd / ε                                                                            (11)
where Kd is the distribution coefficient (L.g–1),  is the bulk density of soil (g.cm–3), and  is the soil porosity. Radioactive decay does not affect the transport of the radionuclide. It was considered as an exp(–λt) factor. The model’s performance was judged on the following initial and boundary conditions of radionuclide migration in a homogeneous porous soil matrix:

Ci (t, 0) = Co 		t   0				(12)
Ci (0, x) = 0 		x  0				(13) 
Ci (0, y) = 0 		y  0				(14) 
 Ci (0, z) = 0 		z  0				(15)
 	t  0				(16)
S (0, x) = 0		x  0				(17)
Using the former equations, a computer model was built in C++ to predict quantitatively the concentration of 134Cs radionuclides in the x direction over extended time scales to understand their migration and dispersion behavior across the studied area. The fate of 134Cs transport in the x−direction was predicted under different applied conditions, and the results obtained are given in Figs. (10−12). 

[bookmark: _Hlk182050415][bookmark: _Hlk182045906]The predicted activity distribution of 134Cs radionuclides in the soil profile with and without seawater is shown in Fig. (10). The graph indicates that the activity of cesium decreases with increasing distance at any time. Furthermore, wetting the soils with seawater increased the transfer of soluble 134Cs into the geosphere, where cesium activity after one year is predicted to be increased from 18416 to 517304 Bq.cm−3 at distances of 100 m in the x−direction. This indicates that immersing the soil with seawater increased cesium radionuclide migration by around 28 orders of magnitude. This is due to the presence of high quantities of mono− and divalent cations in seawater inhibits cesium sorption on soil surfaces and hence accelerates their mobility into the soil matrix. As a result, seawater is a significant factor influencing cesium migration in the assessed soils, and it must be considered when predicting radioisotope migration.


Figure 10: The predicted 134Cs activity distribution in the sandy soil profile with the presence of seawater. 

[bookmark: _Hlk157246742][bookmark: _Hlk157249044]To overcome this situation, the sorption/desorption hysteresis of cesium radionuclides in the sandy soils was upgraded using some modifiers, and the revealed migration data are exhibited in Fig. (11). The figure shows that the migration of cesium radionuclides decreased with the coexistence of oxalic acid and EDTA as complex modifier agents. The presence of both modifiers upgraded the sorption/desorption hysteresis of cesium radionuclides, where they enhanced the retainability of cesium on the soil’s surface and highly reduced its elution even with the presence of seawater. Therefore, the migration behavior of cesium was depressed with the presence of oxalic acid and EDTA as modifying agents. The data also clarifies an increase in the retardation of cesium migration with increasing the concentration of both modifiers, Fig. (11b). The predicted activity of 134Cs radionuclides, after one year and at with distance 100 m have the values of 0.04, 9.16, 757.70, 2849.67 Bq.cm–3 with coexistence of 0.5M EDTA, 0.2M EDTA, 0.5M oxalic acid, 0.2M oxalic acid, respectively. These values declare that cesium activity dropped by ~100%,  99.9%,  99.8%, and 99.4%. Hence, the presence of either oxalic or EDTA reduced cesium migration by ~ 99 %  at least. The efficiency of the used agents to modify the sorption/desorption hysteresis of cesium radionuclides and retard its migration could be ordered as 0.2M oxalic acid < 0.5M oxalic acid < 0.2M EDTA < 0.5M EDTA. 

	a

	


	b

	



Figure 11: The predicted 134Cs activity distribution in the sandy soil profile with the presence of different modifying agents.

The mobility of radioactive contaminants, such as 134Cs, in coastal environments is an important issue for developing effective strategies for assessing the radiological risk in such environments over the long run. The migration of cesium radionuclides, in the studied area, over the long run is depicted in Fig. (12). The plots reveal that cesium is less deeply sorbed to the soil and is more susceptible to leaching from sandy soils. Furthermore, sandy soils are frequently found in coastal areas, where they are directly exposed to seawater, which rapidly elutes cesium radionuclides from these soils and transports them into groundwater or surface water over time. This may raise the risk of 134Cs exposure to humans and other organisms. As a result, understanding how seawater salinity affects cesium migration in these soils is critical for forecasting the fate and transit of cesium contamination. The presence of seawater appears to influence 134Cs migration. This water accelerates the leachability and migration of 134Cs through the exchange with the monovalent cations that are highly present in this saline water. In this work, the high mobility of the 134Cs was depressed by using EDTA and oxalic acid as modifying agents to increase 134Cs trapping to the soil surface and highly decrease its leachability even in the presence of seawater. 


[bookmark: _Hlk197879794] 

Figure 12: The predicted 134Cs activity distribution in the sandy soil profile at different periods.

4. Conclusion

The sorption and transport of cesium radionuclides close to a possible nuclear facility construction site were investigated. The study shows that the sorption of radionuclides on the soil surface stabilizes their transport with groundwater in the geosystem. The physicochemical characteristics of the radionuclide were shown to be the most significant influencing factor for radioisotopes sorption into sandy soil, since the collected soil samples reveal similar characteristics. It was shown that these soils' sorption capacity is insufficient to completely absorb cesium radionuclides. An additional significant problem is the rise in radionuclide mobility brought on by seawater induction. The migration of Cs+ ions has significantly increased due to a decrease in their sorption capability.  This rise illustrates how seawater accelerates the transfer of radioactive cesium.  Therefore, the study focused on enhancing soil retention and reducing the impact of seawater using many retardants (e.g., oxalic acid and EDTA). Even in the presence of seawater, the inclusion of both modifiers improved the sorption/desorption hysteresis of cesium radionuclides, increased the retainability of cesium on the soil's surface, and significantly lowered its elution. To better understand the migration and dispersion behavior of 134Cs radionuclides over the study area, a C++ computer model was developed to quantify the convection−dispersion transport and quantitatively predict the activity of these radionuclides over extended time scales. In the presence of seawater, cesium radionuclides traveled more easily than when it wasn't. The suggested retardants adapted the migratory behavior of cesium isotopes, where they reduced cesium migration by ~ 99 %. The results of this study are crucial for estimating the migration and fate of cesium isotopes in the environment, as well as determining radioactive risk.
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